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ABSTRACT

This work examined several reductants for remediation of low pH aqueous
uranium contamination by reductive precipitation.

Reductants included sodium

dithionite, L-ascorbic acid, and nanosized zero-valent iron (nZVI). Additionally, the
reductive capacity of nZVI successfully entrapped within a silicate matrix (cryogel)
was also examined. This supported nZVI is expected to increase nZVI stability in
the subsurface, and to provide a convenient in situ delivery mechanism for other
remediation systems which may combine entrapped reductant and catalyst.
Fluorescence and absorbance spectroscopy were used to investigate the
interaction between hexavalent uranium (U(VI), uranyl) and both sodium dithionite
and L-ascorbic acid at pH 2. Results suggest complex formation between U(VI) and
dithionite decomposition products and between U(VI) and L-ascorbic acid. Some
evidence of U(VI) reduction by both sodium dithionite and L-ascorbic acid is also
presented; however, neither are suggested for in situ remediation due to complex
formation with U(VI), and due to the aqueous instability of the dithionite ion.
Analytical difficulties prevented an accurate study of the U(VI) interaction
with nZVI and supported nZVI.

However, data presented indicate some U(VI)

removal by supported nZVI at pH 2, and because U(VI) has a low sorption affinity
for silica at pH 2, this removal was attributed to reduction. The presence of fluoride
resulting from synthesis of the supported nZVI, may also have negatively impacted
uranyl reduction by forming stable aqueous U(VI)-fluoride complexes.
The reaction of hexavalent chromium (Cr(VI)) with nZVI and supported nZVI
was also examined. Reaction with both nZVI and supported nZVI resulted in Cr(VI)
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reduction at pH 2 and 4. Calculated rate constants were 0.055, 0.22, and 7.86 hr-1
for supported nZVI at pH 4 and 2, and free nZVI at pH 4, respectively. Although too
rapid to accurately calculate, the rate constant for the reaction of nZVI with Cr(VI)
at pH 2 was greater than 50 hr-1. Rate constants for Cr(VI) reduction by supported
nZVI and free nZVI at pH 4 were compared to results for a resin supported nZVI
material and free nZVI as reported by Ponder et al. (2000).
This is the first report of successful Cr(VI) reduction by nZVI entrapped
within a cryogel. This work also presents the first known report of U(VI) reduction
by dithionite. Additionally, this work provides the initial framework needed for
further studies that aim to demonstrate the full potential of supported nZVI for in

situ subsurface remediation of metal (and other) contaminants.
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INTRODUCTION

The United States (U.S.) Department of Energy (DOE) identified a list of
priority inorganic and organic chemicals contaminating the subsurface of DOE lands
in 1992 (Riley and Zachara, 1992).

Two of the most frequently occurring

groundwater radionuclide and metal contaminants indentified included uranium
and chromium, respectively, resulting primarily from inadequate waste disposal
practices at DOE facilities (Riley and Zachara, 1992). However, contamination is
not localized to these sites within the U.S., and as a result of nuclear and industrial
activities worldwide, uranium contamination is prevalent around the globe
(Meinrath et al., 1999). Because of the environmental and human toxicity presented
by uranium, research dedicated to understanding the environmental fate and
transport, and to developing remediation schemes capable of immobilization is
necessary.
Current remediation efforts primarily include studies focused on microbial
reduction of uranium (bioremediation), and reductive precipitation of uranium by
zero-valent iron (ZVI). Both of these schemes hope to exploit the drastic decrease in
solubility observed for hexavalent uranium reduction to tetravalent uranium.
However, bioremediation has not demonstrated successful long-term uranium
immobilization, especially in systems with low pH and co-contaminants that may
interfere with reduction. Additionally, permeable reactive barriers (PRBs), which
have been trialed for the in situ reductive precipitation of uranium by ZVI, are
costly and labor intensive to install. Ideal reductant materials for in situ uranium
remediation are non-toxic, cost-effective, liquid or solid slurries which can be

injected directly into the subsurface. One such reductant is nanosized ZVI (nZVI);
however, because it oxidizes easily when exposed to air and because it readily
aggregates in aqueous systems, it can present challenges with field-scale use. Also,
although nZVI is a high interest topic, little work describing its reduction capacity at
low pH, which is common to many contaminated sites, is available.

Other

contaminants which can be described as ideal in situ reductants include sodium
dithionite and L-ascorbic acid.

However, very little work is available in the

literature describing their ability to reduce and precipitate uranium.
Therefore, the first objective of this work was to investigate the ability for
dithionite, L-ascorbic acid, and nZVI to reduce hexavalent uranium. Because acidic
groundwater is common at sites with uranium contamination, the effectiveness of
these reductants was studied over the pH range 2 – 6. The second objective of this
work was the development (using the sol-gel process) and investigation of a
dispersible solid reductant delivery system with entrapped nZVI, which may
enhance nZVI stability. The delivery system developed is termed ‘supported nZVI’
throughout this manuscript. While some information on the reaction of aqueous
chromium with supported nZVI is included, additional work with the above
reductants and chromium is available from a parallel study completed recently
within our group (Zhang, 2010).

This manuscript focuses on the interaction of

uranium with the above materials.
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2.1

LITERATURE REVIEW

Uranium and Its Uses

Despite having been used as a colorant since ancient times, elemental
uranium was not discovered until 1789 when Martin Heinrich Klaproth published
results that indicated that the dissolution of pitchblende, an impure uranium
mineral, yielded precipitates that were unidentifiable as any of the known elements
(Morss et al., 2006). For many years, the precipitate discovered by Klaproth was
thought to be the elemental form of uranium; however, in 1841 Eugène-Melchior
Péligot identified Klaproth’s precipitate as uranium dioxide (UO2) (Morss et al.,
2006). Péligot experimented further and successfully prepared metallic uranium
and eventually gave us the word ‘uranyl’ as the name for the yellow uranium salts
(Morss et al., 2006).
In 1896, Henri Becquerel discovered that uranium materials emitted rays
that resulted in darkening of photographic emulsions (Morss et al., 2006).

This

phenomenon was later given the name ‘radioactivity’ by Marie Curie (Morss et al.,
2006). These discoveries, along with that of Hahn and Strassman, who, in 1938,
first described nuclear fission (Morss et al., 2006), ultimately lead to the
development of modern nuclear sciences.
Although over 20 uranium isotopes have been prepared, only
238U

234U, 235U,

and

occur naturally with relative abundances of 0.005, 0.720, and 99.275%,

respectively (Morss et al., 2006; Langmuir, 1997). Of these,

235U

is fissionable by

thermal neutrons according to Equation 1, and as such, it is used worldwide for
nuclear energy production:

235U

+ neutron → ENERGY + fission products + 2.5 neutrons

(1)

Uranium is also used for nuclear weapons, armor plating, small weapons
ammunition, generation of other actinides, e.g.

239Pu,

and nuclear research (Wall

and Krumholz, 2006; Morss et al., 2006; Jiang and Aschner, 2006), and as a result,
environmental contamination is prevalent.

2.2

2.2.1

Uranium Contamination

Uranium Contamination Resulting from Anthropogenic Activities

Resulting from uranium mining, milling, and nuclear weapons and fuel
production, uranium contamination is widespread. Although uranium is naturally
found in a variety of rock formations, primarily including granites, basalts, and
igneous silicates, uranium mobility in the environment, with only a few exceptions,
is generally not a concern unless these natural deposits are disturbed by
anthropogenic activities (Langmuir, 1997). In 1992, the DOE reported on the nature
of subsurface contamination at U.S. DOE facilities, and identified a list of priority
contaminants demanding new research efforts (Riley and Zachara, 1992).

This

report identified uranium as the second most frequently measured groundwater
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radionuclide contaminant and the most frequently measured soil and sediment
radionuclide contaminant on DOE lands (Riley and Zachara, 1992). Other common
groundwater contaminants included chromium, lead, zinc, plutonium, and tritium
(Riley and Zachara, 1992).
However, uranium contamination is not localized to the United States. Other
uranium mining countries including South Africa, Canada, Germany, etc., and other
countries with previous nuclear weapons programs or with nuclear energy programs
also have contamination resulting from these activities (Burghardt et al., 2007;
Lieser, 1995; Meinrath et al., 1999; Noubactep et al., 2003). This contamination is
usually the result of accidental releases in the form of waste spillage, waste
container failure, nuclear energy accidents, and weathering of mine tailings and
exposed ores (Riley and Zachara, 1992; Langmuir, 1997; Wan et al., 2009; McKinley
et al., 2007; Serkiz et al., 2007).

One instance of such an event is the 1951

overfilling of a waste tank at the Hanford Site in Washington, resulting in an
estimated release of 10,000 kg of uranium (Wan et al., 2009).
Groundwater uranium concentrations at contaminated U.S. DOE facilities
range from less than one ppb to greater than 1,000,000 ppb, and soil/sediment
concentrations are as high as 16,000 ppm (Riley and Zachara, 1992). Concentrations
of uranium in contaminated groundwater, soils, and sediments around the globe are
similar (Meinrath et al., 1999). Additionally, contaminated groundwater is often
acidic, with pH as low as 3 (Zhu et al., 2001; Serkiz et al., 2007; Shelobolina et al.,
2003).
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2.2.2

Uranium Contamination Resulting from Weathering of Natural Deposits

In addition to contamination resulting from anthropogenic activities, some
areas around the globe have high concentrations of uranium in groundwater and
surface soils as well as sediments located near natural uranium deposits. Two such
locations include the upstate region of South Carolina, where some private
groundwater wells have measured uranium concentrations greater than 5,000 ppb
(Hughes et al., 2005), and certain areas of Finland where oxidizing conditions
prevalent in the area favor dissolution of uranium from the underlying granitoid
bedrock, resulting in some groundwater wells with uranium concentrations as high
as 12,000 ppb (Asikainen, 1981; Kurttio et al., 2002; Salonen, 1994). Remediation
schemes are needed in order to immobilize uranium in these contaminated zones to
prevent further environmental and human health risks.

2.3

Environmental Fate and Transport

Geochemistry is an important controlling factor affecting the fate and
transport of any contaminant. Once released to the environment, uranium mobility
is controlled by ligand complexation and hydrolysis, sorption and desorption to
mineral surfaces, natural organic matter, and mineral colloids, uptake by
microorganisms, dissolution and precipitation of uranium minerals, and ultimately,
redox chemistry (Runde, 2000; Silva and Nitsche, 1995; Lieser, 1995; Clark et al.,
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1995). Exploitation of this complex geochemistry is necessary for remediation that
provides long-term uranium immobilization.

2.3.1

Uranium Redox Chemistry

Uranium exists in oxidation states ranging from +3 to +6 (Langmuir, 1997;
Clark et al., 1995). Trivalent uranium, U(III), is only stable under extreme reducing
conditions, and oxidizes rapidly to tetravalent uranium, U(IV), (Runde, 2000).
Pentavalent uranium, U(V), is generally considered unstable in the environment
and rapidly undergoes disproportionation into hexavalent uranium (U(VI)) and
U(IV). Of each of the possible oxidation states, U(VI) is the most prevalent in the
aqueous environment (Runde, 2000; Clark et al., 1995), existing as uranyl, a linear
dioxo U(VI)O22+ cation, or as uranyl complexes (Runde, 2000). This environmental
prevalence results from the drastic difference in solubility between tetravalent and
hexavalent uranium, as shown in Figure 2.1, and for this reason, actinide redox
chemistry is the most important geochemical factor controlling environmental
mobility. This solubility difference is due to the relative thermodynamic stabilities
of the solids and aqueous complexes formed by U(VI) and U(IV) (Runde, 2000).
The reduction of U(VI) to U(IV) proceeds via Equation 2, with a standard
reduction potential of +0.273 V (Harris, 2003):

UO22+ + 4H+ + 2e– = U4+ + 2H2O
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(2)

Under favorable conditions, the resulting U(IV) precipitates as uraninite, UO2, as
shown in Figure 2.2. Because tetravalent uranium solids can be stable for geological
time periods, as evidenced by the presence U(IV) bearing rock formations
throughout the Earth’s crust (Langmuir, 1997), U(VI) reduction is a potential option
for remediation of contaminated systems.
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Figure 2.1
Solubility of the U(VI) and U(IV) minerals schoepite and uraninite,
respectively. Modeled with Visual MINTEQ at an I = 0.001 M and in the presence
and absence of 10-2 atm CO2 using equilibrium constants from Guillaumont et al.
(2003).
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Figure 2.2
pE-pH diagram for the uranyl-carbonate system in water. Modeled
with equilibrium constants from Guillaumont et al. (2003), and with total
[U] = 1 x 10-8 M and CO2 partial pressure of 3.8 x 10-4 atm.

2.3.2

Ligand Complexation and Hydrolysis

The second most important geochemical control on environmental uranium
mobility is ligand complexation and hydrolysis of the uranyl ion, and perhaps also of
the U4+ ion. Due to their prevalence in the environment, hydroxide and carbonate
ions play important roles in uranium chemistry, and aqueous complexes are readily
formed in most environmental systems (Langmuir, 1997; Runde, 2000; Lieser, 1995;
Silva and Nitsche, 1995; Guillaumont et al., 2003).

9

Hydrolysis of hexavalent

uranium, forming uranyl hydroxide complexes, becomes important above pH ≈ 4,
and in the presence of dissolved carbon dioxide, uranyl carbonate complexes
dominate starting at pH ≈ 5, as shown in Figures 2.2 and 2.3.
Actinide (An) complex stability follows the general trend,

An4+ > AnO22+ ≈ An3+ > AnO2+

(3)

where the overall effective charge of each ion decreases from +4, +3.3, +3, to +2.3,
respectively ( Silva and Nitsche, 1995). This trend implies that tetravalent uranium
forms the most stable aqueous complexes and the most stable solids as previously
shown in Figure 2.1. U(VI) complex formation may lead to increased solubility of
uranyl species as demonstrated in the absence and presence of dissolved carbon
dioxide shown in Figure 2.1.

Formation of aqueous U(IV) complexes may also

increase solubility, which may negate any remediation efforts to reduce and
precipitate aqueous uranium.
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Figure 2.3
Aqueous uranium speciation over the pH range 0 – 12 as modeled
using Visual MINTEQ with equilibrium constants from Guillaumont et al. (2003).
Total [U] = 1 x 10-8 M, I = 0.001 M, and CO2 partial pressure of 0 atm (top) and
10-2 atm (bottom).
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Chelating agents, such as EDTA, are often co-present in nuclear wastes
(Runde, 2000; Riley and Zachara, 1992), and some researchers have postulated that
the presence of EDTA may prevent precipitation of U(IV) solids during remediation
as a result of the formation of U(IV)-EDTA complexes.

Recently, using a

combination of experimentation and equilibrium modeling, this hypothesis was
disproven for Pu(IV) (Rai et al., 2008).

Based on the similar chemical behavior

observed for actinides of the same oxidation state, these results also suggest that
EDTA will not enhance U(IV) solubility. However, other organic ligands may also
promote uranium dissolution by complexing tetravalent uranium precipitates.
Recently, the siderophore desferrioxamine-B was shown to increase UO2 dissolution
rates nearly five-fold (Frazier et al., 2005). Additionally, the presence of humic acid
has been shown to enhance oxidative dissolution of U(IV) (Gu et al., 2005).
Other species common to the natural environment and/or contaminated
systems which form stable complexes with actinides include fluoride, phosphate,
sulfate, and chloride (Lieser, 1995; Silva and Nitsche, 1995). Additionally, calcium,
and magnesium can form ternary complexes with uranyl carbonate species (Dong
and Brooks, 2006; Dong and Brooks, 2008).

2.3.3

Other Controls on Environmental Uranium Transport

Uranium sorption to mineral surfaces, mineral colloids, and natural organic
matter can result in both decreased and increased environmental mobility
depending on system pH, aqueous uranium speciation, and mineral composition
(Lieser, 1995; Silva and Nitsche, 1995; Runde, 2000).

12

Many researchers have

demonstrated that maximum uranyl sorption to mineral surfaces typically occurs at
and above circumneutral pH, in low carbonate, low alkalinity water (Wazne et al.,
2003; Stewart et al., 2010; Ho and Miller, 1986). However, conditions unfavorable
for maximum uranium immobilization via sorption, including areas with very low
pH, prevail at many waste sites throughout the world, further supporting the need
for research on other immobilization mechanisms.
mobile

species

including

mineral

colloids,

Additionally, the presence of

natural

organic

matter,

and

microorganisms may serve to actually increase uranium transport as sorption to
these materials are also expected (Runde, 2000; Lieser, 1995; Yee and Fein, 2001;
Santschi et al., 2002; Novikov et al., 2009; 2006).
Other controls on uranium mobility in the environment include precipitation
and dissolution of uranium minerals. In cases of oversaturation, perhaps resulting
from

evaporation

or

introduction

of

new

waste

sources,

U(VI)

minerals

(e.g., schoepite) can precipitate (Runde, 2000; Langmuir, 1997). However, due to
their high solubility relative to U(IV) minerals, U(VI) minerals are subject to
re-dissolution and therefore, are unlikely to provide long-term immobilization.
Therefore, most remediation strategies are targeted at reduction of U(VI) to U(IV) to
facilitate formation of stable and relatively insoluble U(IV) minerals.
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2.4

Uranium Toxicity

Uranium generally poses a chemotoxic rather than radiotoxic concern
(Sztajnkrycer and Otten, 2004; Kurttio et al., 2002), resulting from the low specific
activity of the most abundant isotope,

238U

(Sztajnkrycer and Otten, 2004).

Following exposure via ingestion, inhalation, or wound contact, soluble uranium, as
the uranyl ion, enters the bloodstream where it can deposit in the kidneys, liver, and
skeletal system (Ansoborlo et al., 2006; Hartsock et al., 2007; Sztajnkrycer and
Otten, 2004). Although 60 – 90 % of the total uranium burden is usually excreted
within 1 – 6 days after uptake (Ansoborlo et al., 2006; Sztajnkrycer and Otten,
2004), the remaining uranium can significantly impair biological function by
mimicking biologically active cations, e.g. Ca2+, Fe2+, Fe3+, and Zn2+, and binding
with various proteins and ligands (Ansoborlo et al., 2006), as evidenced by several
recent significant toxicological studies.
Uranyl was shown to bind directly with zinc-finger proteins, thereby
inhibiting DNA transcription and repair (Hartsock et al., 2007).

Another study

demonstrated that, in the presence of ascorbic acid, uranyl may bind directly with
the DNA phosphate backbone via an uranyl ascorbate complex, leading to DNA
strand breaks (Yazzie et al., 2003). Additionally, uranyl uptake by both transferrin
and ferritin, the iron transport and storage proteins, respectively, was demonstrated
by Den Auwer et al. (2005). This uptake could lead to the presence of unbound
cellular iron, which can result in the production of damaging reactive oxygen species
via the Fenton reaction.

Other studies have demonstrated uranium toxicity to

Daphnia magna (Massarin et al., 2010), the larvae of Mogurnda mogurnda (Cheng et
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al., 2010), and various species of green algae, duckweed, green hydra, and mussels
(Charles et al., 2006).
Currently, the U.S. EPA maximum contaminant level (MCL) for uranium in
drinking water is 30 µg/L. However, waste plumes at DOE facilities generally have
uranium concentrations significantly higher than the MCL.

Therefore, uranium

immobilization is imperative to prevent further environmental and human health
risks.

2.5

Remediation

Numerous scientific studies have investigated uranium remediation by
biostimulation of metal-reducing bacteria, reductive precipitation by zero-valent iron
(ZVI), and precipitation of autunite, a stable U(VI)-phosphate mineral, after
injection of polyphosphates.

The benefits and challenges associated with these

different remediation techniques are presented briefly below.

2.5.1

Uranium Bioremediation

Uranium bioremediation has been a topic of interest for two decades. Derek
R. Lovely and coworkers have generated numerous publications that detail the
mechanisms and the effectiveness of microbial uranium reduction under various
conditions and by several different microorganisms (Lovley and Phillips, 1992;
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Lovley et al., 1993; Finneran et al., 2002; Shelobolina et al., 2003). In 1992, Lovley
and Phillips described nearly complete reduction and precipitation of 1 x 10-3 M
U(VI) by D. desulfuricans within a few hours. Additionally, Lovley et al. determined
that microbial uranium reduction was an enzymatic process where electrons are
transported from the electron donor (e.g. lactate, ethanol) through the microbial
electron transport chain, including c-type cytochromes, to the terminal electron
acceptor U(VI) (Lovley and Phillips, 1992; Lovley et al., 1993).

It was also

hypothesized that cell-free reaction systems could be engineered using enzyme
analogs to reduce and precipitate U(VI) (Lovley et al., 1993).
Although other reports of successful uranium reduction and precipitation
after microbial stimulation are available (Gu and Chen, 2003; Gu et al., 2005; Liu et
al., 2006; Senko et al., 2007), several challenges for in situ uranium bioremediation
exist.

These include (1) reoxidation and redissolution of reduced uranium

precipitates (Wan et al., 2005; Senko et al., 2002), (2) preferential microbial
reduction of co-contaminants, e.g. nitrate, and inhibition at low pH (Finneran et al.,
2002; Shelobolina et al., 2003), and (3) U(IV) precipitation on and within cells
potentially limiting reduction activity (Liu et al., 2006).
Interestingly, to overcome some of these associated problems, Wu et al.
demonstrated lengthy pre-conditioning of a uranium contaminated aquifer including
extraction and treatment of groundwater to remove Al, Ca, and nitrate and increase
pH to that favorable for microbial activity (Wu et al., 2006a; 2006b). Calcium and
aluminum were removed prior to the pH increase to prevent precipitation of
aluminum hydroxides and calcium solids that may inhibit hydraulic conductivity.
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Despite this pretreatment, results suggested that long-term immobilization may
only be achievable with continued microbial stimulation (Wu et al., 2006a; 2006b).

2.5.2

Autunite Precipitation

Researchers at Pacific Northwest National Laboratory (PNNL) have
investigated the potential for uranium immobilization by precipitation of autunite
(Wellman, 2007; Wellman et al., 2008). Although autunite is a U(VI) mineral phase,
it has very low solubility and therefore offers potential for long-term sequestration of
uranium. Originally, Wellman et al. suggested that injection of polyphosphate into
the contaminated aquifer in the Hanford 300 Area would result in the formation of
apatite, a calcium phosphate solid capable of sorbing U(VI), and eventually autunite
(Wellman, 2007).

However, field testing demonstrated that high carbonate

concentrations interfered with apatite conversion to autunite, indicating that
polyphosphate injection would not be viable for uranium sequestration in the
Hanford 300 Area, although it may prove successful for contaminated systems with
different geochemical conditions (Wellman et al., 2008).

2.5.3

Reductive Precipitation using Micro and Nanosized Zero-Valent Iron

Zero-valent iron (ZVI) has proven capable of reducing a variety of organic
(Matheson and Tratnyek, 1994; Cwiertny and Roberts, 2005; Kim and Carraway,
2000; Johnson et al., 1996), and metal contaminants (Powell et al., 1995; Cantrell et
al., 1995; Liu et al., 2008; Puls et al., 1999). Additionally, several researchers have
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demonstrated successful reductive precipitation of U(VI) by ZVI (Farrell et al., 1999;
Fiedor et al., 1998; Gu et al., 1998).
Permeable reactive barriers (PRBs) comprised of ZVI are often used in situ
for contaminant remediation as an alternative to costly traditional ‘pump-and-treat’
methods (Cantrell et al., 1995).

PRBs are designed to allow groundwater flow

through the barrier such the residence time of mobile contaminants within the PRB
is sufficient to allow complete contaminant removal (Cantrell et al., 1995). Although
PRB technology has demonstrated much success, their long-term efficacy may be
decreased due to mineral precipitation within the barrier (Phillips et al., 2000; Song,
2003). Iron corrosion resulting from exposure to oxygen and water,

2Fe0 (s) + O2 (g) + 2H2O → 2Fe2+ + 4OH‾

(4)

Fe0 (s) + 2H2O (g) → Fe2+ + H2 (g) + 2OH‾

(5)

and resulting from contaminant reduction may also decrease the effectiveness of
PRBs over time (Phillips et al., 2000; Song, 2003). Additionally, because extensive
excavation is required to install PRBs, application is generally limited to shallow
aquifers (Song, 2003).
The use of nanosized zero-valent iron (nZVI) for in situ contaminant
remediation is a relatively new technology. However, it offers several benefits over
use of PRBs. These benefits include (1) greater reactivity resulting primarily from
higher surface areas, (2) the ability for direct subsurface injection, and (3) the ability
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to migrate through groundwater, soils, and sediments (Zhang, 2003; Glazier et al.,
2003).
While numerous researchers have reported the successful use of nZVI for
remediation of chlorinated hydrocarbons and heavy metals (Choe et al., 2001; Song,
2003; Song and Carraway, 2005; 2006; Ponder et al., 2001; 2000; Qian et al., 2008;
Choe et al., 2001; Zhang, 2010), only three studies on nZVI reduction of uranium are
available in the literature (Riba et al., 2008; Dickinson and Scott, 2010; Yan et al.,
2010).
Riba et al. (2008) demonstrated rapid U(VI) removal from solution by nZVI
over a pH range 3 – 7.

X-ray photoelectron spectroscopy (XPS) confirmed the

presence of non-stoichiometric UO2 solids during the course of the reactions at both
pH 5 and pH 6.5 (Riba et al., 2008). Dickinson and Scott (2010) also demonstrated
successful reductive precipitation of U(VI) by nZVI under both anoxic and oxic
conditions.

However, significant reoxidation of U(IV) resulting from atmosphere

oxygen diffusion into both systems was evident after 14 days.
The most intriguing U(VI) / nZVI study was published by Yan et al. in 2010.
They demonstrated complete reductive precipitation of 200 µM U(VI) by nZVI over
the pH range 6.92 – 9.03 in CaCl2, synthetic groundwater, and NaHCO3 solutions in
less than 96 hours (Yan et al., 2010). Although reactions were not continued longterm, these result indicate that reductive precipitation of U(VI) by nZVI is effective
even with high carbonate concentrations, which as discussed previously, is a
hindrance to both bioremediation and phosphate precipitation of U(VI).
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2.5.4

Other Reductants of Interest

2.5.4.1

Dithionite

Sodium dithionite (Na2S2O4) is a strong reductant with a standard reduction
potential of -1.130 V (Harris, 2003). Although it has been used for successful redox
manipulation of clay minerals for remediation of perchloroethylene (Nzengung et al.,
2001) and iron bearing sediments for hexavalent chromium remediation (Istok et al.,
1999), there are no reports in the literature describing the reduction of U(VI) by
dithionite.

One reason for this may stem from the relative instability of the

dithionite ion in aqueous systems resulting in decomposition to sulfite (SO32-),
sulfate (SO42-), thiosulfate (S2O32-), and hydrogen sulfite (HSO3-) (Holman and
Bennett, 1994; Kovács and Rábai, 2002; Rinker et al., 1965).

However,

decomposition is significantly slower in the absence of oxygen and under basic
conditions (Holman and Bennett, 1994).
Although this decomposition may impede contaminant remediation, recent
work has demonstrated successful reduction of Cr(VI) by dithionite (Zhang, 2010).
Additionally, dithionite is non-toxic, and is therefore a good candidate for in situ
remediation of U(VI).

2.5.4.2

L-Ascorbic Acid

L-ascorbic acid is a non-toxic, biologically important antioxidant which has
been successful in reducing both vanadium(V) (Wilkins et al., 2006) and Cr(VI) (Xu
et al., 2005; Zhang, 2010).

Additionally, a few instances of U(VI) reduction by
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L-ascorbic acid are reported in the literature (Nashine and Mishra, 1995; Khan et
al., 2006; Savvin, 1961), although specific experimental methods for the reduction
are not provided. The acid / base properties of L-ascorbic acid are such that an
increase in the reduction potential is expected at high pH (Tur’yan and Kohen,
1995).

Based on this information, L-ascorbic acid also has potential for in situ

remediation of U(VI).

2.5.5

Sol-gel Technology

Despite the recent demonstrations of reductive precipitation of U(VI) by nZVI
(Riba et al., 2008; Dickinson and Scott, 2010; Yan et al., 2010), and nZVI’s many
benefits, nZVI is also prone to aggregation (Ponder et al., 2001; 2000; Sunkara et al.,
2010; Xiao et al., 2009), corrosion related surface passivation, and rapid oxidation
upon exposure to air (Ponder et al., 2001; 2000).

In an effort to remedy these

problems, many researchers have investigated various methods to modify the nZVI
to enhance air and aqueous stability (Wang and Zhang, 1997; Ponder et al., 2001;
2000; Xiao et al., 2009; Liu et al., 2010; Bezbaruah et al., 2009; Zhang, 2010).
Sol-gel technology offers a possible method for stabilizing nZVI. Recently, the
sol-gel process has been used to immobilize porphyrins (Dror et al., 2005; Tanaka et
al., 2005), and humic substances (Armon et al., 2000; Laor et al., 2002) within
silicate matrices; however, to date, there is no documentation of nZVI entrapment
using this technology.
The sol-gel process is a simple method of preparing room temperature glasslike materials using alkoxide precursors (Hench and West, 1990). Hydrolysis and
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polycondensation of the alkoxide upon mixture with water and solvent results in
gelation, or the formation of a three-dimensional silicate matrices, which can have
various macroscopic properties depending on the conditions during synthesis (Hench
and West, 1990). Aerogels, prepared by supercritical drying of the wet gel after
hydrolysis and polycondensation, typically have very high surface areas, and can be
molded into any shape desired (Hench and West, 1990; Brinker and Scherer, 1990).
Xerogels are prepared by drying under ambient conditions, and are usually glassy
materials with low surface areas (Pope and Mackenzie, 1986).

Cryogels are

prepared by lyophillization, and generally retain a high surface area threedimensional network similar to that of aerogels (Pope and Mackenzie, 1986; Pajonk
et al., 1990; Kalinin et al., 1999). Additionally, the final structure of the silicate
matrix can be manipulated by the use of different catalysts during synthesis
(Asomoza et al., 1997; Tilgner et al., 1995; Armon et al., 2000; Laor et al., 2002;
Nadargi et al., 2009).
Encapsulation of nZVI within these silicate matrices could lead to greater
nZVI stability, both in air and in aqueous systems, and enhanced contaminant
immobilization within the silicate matrix. Additionally, the ability to encapsulate
additional materials alongside the nZVI, possibly including metalloporphyrin
catalysts, could form a novel treatment technology which could enhance reduction or
limit reoxidation of uranium.
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2.6

Chromium in the Environment

Chromium was also identified as a priority DOE contaminant by Riley and
Zachara (1992).

Groundwater chromium concentrations at DOE facilities range

from less than 1 ppb to greater than 9,000 ppb (Riley and Zachara, 1992). Because
hexavalent chromium is highly toxic to wildlife and humans (Palmer and Wittbrodt,
1991; Lippard and Berg, 1994), remediation technologies capable of immobilizing
chromium in the environment are needed.
Similar to uranium, complexation, sorption and desorption, reduction and
oxidation, and precipitation and dissolution control the environmental fate and
mobility of chromium (Palmer and Wittbrodt, 1991). In acidic oxidizing aqueous
environments, hexavalent chromium (Cr(VI)) is predominant, and exists as the
bichromate anion (HCrO4–). As a result, Cr(VI) sorption to soils, sediments, and
mineral colloids is significant at low pH, and decreases with increasing pH (Palmer
and Wittbrodt, 1991).

Trivalent chromium (Cr(III)) dominates under reducing

conditions and is much less soluble than Cr(VI) (Palmer and Wittbrodt, 1991). As
such, many researchers have demonstrated successful reductive precipitation of
chromium (Fruchter et al., 2000; Khan and Puls, 2003; Zhang, 2010; Xu et al., 2005;
and

others),

thus

offering

a

promising

immobilization.
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3

INTERACTION OF URANYL WITH DITHIONITE
AND L-ASCORBIC ACID

3.1

Introduction

Sodium dithionite (Na2S2O4) has been used for successful laboratory redox
manipulation of clay minerals (Nzengung et al., 2001) and iron bearing sediments
(Istok et al., 1999) resulting in reductive dechlorination of perchloroethylene (PCE)
in water (Nzengung et al., 2001) and reductive precipitation of hexavalent chromium
(Istok et al., 1999). Additionally, sodium dithionite has demonstrated successful
reductive precipitation of Cr(VI) after in situ redox manipulation (ISRM) of
contaminated groundwater (Fruchter et al., 2000; Khan and Puls, 2003).

The

proposed reaction mechanism in these studies involves dithionite reduction of iron
bearing clays, sediments, and soils, which in turn, results in reduction and removal
of groundwater contaminants flowing through the reduced materials (Amonette et
al., 1994; Fruchter et al., 2000; Istok et al., 1999; Nzengung et al., 2001). However,
direct reduction of contaminants by aqueous dithionite is possible as evidenced by
common use for various biochemical reactions, e.g. reduction of purified enzymes
(Lambeth and Palmer, 1973), homogeneous reductive dechlorination of PCE
(Nzengung et al., 2001), and reduction of hexavalent chromium (Zhang, 2010).
Dithionite

reduction

of

uranyl

should

proceed

via

the

following

thermodynamically favorable reaction (E°net = 1.403 V):

UO22+ + S2O42- = U4+ + 2SO32-

(6)

However, ligand complexation of the uranyl ion may favor U(VI) persistence, and
decomposition of the dithionite ion to species with more positive standard reduction
potentials may make Equation 6 less favorable.

Additionally, dithionite

decomposition may result in the presence of sulfite (SO32-), sulfate (SO42-), thiosulfate
(S2O32-), and hydrogen sulfite (HSO3-) (Holman and Bennett, 1994; Kovács and
Rábai, 2002; Rinker et al., 1965), which may form stable aqueous uranyl complexes
(Guillaumont et al., 2003).
To date, no known studies exist examining the potential for uranyl reduction
by dithionite. Based on the above reports of successful redox manipulation and
direct dithionite reduction of contaminants, and the low toxicity of dithionite and its
decomposition products (Nzengung et al., 2001), and despite the above possible
limitations, dithionite is a viable candidate for in situ reductive precipitation of
hexavalent uranium.
Similar to dithionite, L-ascorbic acid has been used successfully for reduction
of various contaminants, including vanadium (V(V)) (Wilkins et al., 2006) and Cr(VI)
(Xu et al., 2005; Zhang, 2010). However, the standard reduction potential for Lascorbic acid of 0.390 V (Haris, 2006) does not suggest the favorable reduction of
U(VI). Despite this, uranyl reduction by L-ascorbic acid has been reported in the
literature (Nashine and Mishra, 1995; Khan et al., 2006; Savvin, 1961).

While

reaction details were not given, it is possible that the uranyl reduction reported by
these authors was completed under basic conditions where the reduction potential of
L-ascorbic acid is -0.058 V, resulting from ascorbic acid deprotonation (Tur’yan and
Kohen, 1995).
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The reduction of uranyl by L-ascorbic acid at high pH should proceed via the
following reaction (Tur’yan and Kohen, 1995):

(7)

It is unclear if L-ascorbic acid can effectively reduce uranyl under acidic conditions.
However, recent work demonstrated an increase in the rate of reduction of Cr(VI) by
L-ascorbic acid with decreasing pH even though the reduction of Cr(VI) by Lascorbic acid is also thermodynamically unfavorable (E°net = -0.51) (Zhang, 2010; Xu
et al., 2005). Based on this information and from the knowledge that L-ascorbic acid
is a non-toxic biologically important antioxidant (Zumreoglu-Karan, 2006; Xu et al.,
2005), L-ascorbic acid may also be a viable candidate for in situ reductive
precipitation of U(VI).
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The results presented in this chapter provide spectroscopic data regarding
the interaction of uranyl with dithionite and L-ascorbic acid at low pH.

The

objective was to demonstrate the potential for use of either dithionite or L-ascorbic
acid for in situ reduction of U(VI).

3.2

3.2.1

Materials and Methods

Materials

L-ascorbic acid, >99.0% (Mallinckrodt, LN E40H03), depleted uranium
trioxide (Pfaltz & Bauer, LN 116091-5), perchloric acid, 70% (Aldrich, LN 04447HI),
phosphoric acid, 85.6% (J. T. Baker, LN E41815), potassium sulfate, >99.0% (EM
Science, LN 40202123), sodium dithionite, >89% (J. T. Baker, LN N30638), and
sulfuric acid (J. T. Baker, LN N08036) were used as received. Distilled deionized
water with resistivity > 16 MΩcm was obtained from a Millipore MilliQ water
filtration system.
Uranyl stock solutions were prepared by dissolving uranium trioxide in
concentrated perchloric acid and diluting to 200 mL. The resulting solutions had a
pH of 0.5. Uranyl solutions at various concentrations were prepared by diluting the
stock solution with MilliQ water. Other working solutions were also prepared in
MilliQ water.
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3.2.2

Instrumentation

A Photon Technology International (PTI) spectrofluorometer equipped with a
75W xenon arc lamp and Hamamatsu R1257 photomultiplier tube (PMT) was used
for all steady-state fluorescence measurements.

Time-resolved phosphorescence

spectra and decays were collected using a PTI spectrofluorometer equipped with a
xenon flash lamp (20 Hz) and Hamamatsu R1257D PMT.

For steady-state

fluorescence titrations with sodium dithionite and potassium sulfate, the excitation
and emission monochromator entrance and exit slits were set at 2 nm, the excitation
wavelength (λex) was 316 nm, and the fluorescence spectra were collected over the
range 450 – 600 nm in 0.5 nm steps with 1 second integration.

For sodium

dithionite titrations, phosphorescence decays were collected from 45 – 1000 µs, with
the excitation and emission monochromator slits set at 20 and 10 nm, respectively,
and with λex = 273 nm and emission wavelength (λem) of 509 nm. For L-ascorbic acid
titrations, time-resolved phosphorescence spectra were collected over the range 450
– 575 nm in 0.5 nm steps after a time delay of 106 µs with λex = 300 nm, and
excitation and emission monochromator slits set at 10 and 6 nm, respectively.
Absorbance spectra were collected using a Shimadzu UV-2501PC spectrophotometer
over a wavelength range of 190 – 800 nm in 0.5 nm steps with monochromator slits
set at 2 nm. Unless noted otherwise, MilliQ water was used as the absorbance
reference.
A Thermo Scientific XSeries 2 inductively-coupled plasma mass spectrometer
(ICP-MS) and Brookhaven Instruments 90 Plus dynamic light scattering (DLS)
particle size analyzer were used for investigation of U(IV) nanoparticle formation.
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3.2.3

Experimental Procedures

Titrations were conducted in matching quartz cuvettes (Starna Cells). With
constant magnetic stirring, aliquots of sodium dithionite, L-ascorbic acid, or
potassium sulfate were added using a micropipette. The mixtures were allowed to
equilibrate for a minimum of three minutes prior to collection of fluorescence (or
phosphorescence) spectra, followed by collection of absorbance spectra.
Uranyl solutions were ultracentrifuged using Pall Life Sciences Macrosep
cartridges with a molecular weight cut-off of 30,000 Dalton (pore size ≈ 12 nm per
Powell et al., 2004) before and after reaction with both dithionite and L-ascorbic acid
at pH 2. 100 µL aliquots of these solutions were diluted in 10 mL of 5% HNO3, and
analyzed for total dissolved uranium using ICP-MS to determine if U(IV)
nanoparticles had formed during the reactions. Additionally, within 30 minutes of
reaction, DLS was used to determine the presence or absence of particles in these
solutions.

3.3

3.3.1

Results and Discussion

Direct Fluorescence Dithionite Titration

The reaction between uranyl and dithionite was monitored using steady-state
fluorescence and UV-Vis absorption spectroscopy. A 7.4 x 10-3 M uranyl solution at
pH 1.8 was titrated with aliquots of 2.8 x 10-2 M Na2S2O4. Figure 3.1 shows the
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fluorescence and absorbance spectral changes between each addition of aqueous
dithionite. Fluorescence and absorbance spectra were corrected for dilution up to a
factor of 1.25. Fluorescence spectra were also corrected for inner filter effects, which
result from matrix and analyte absorption of uranyl fluorescence using Equation 3:

Fcor
Fobsd

=

2.3·d·Aex
1-10

d·Aex 

·10g·Aem  ·

2.3·s·Aem
1-10s·Aem



(3)

where Fcor, Fobsd, Aex, and Aem are the corrected fluorescence, observed fluorescence,
and absorbance at the excitation and emission wavelength, respectively (Gauthier et
al., 1986).

The variables d, g, and s relate to the fluorescence measurement

geometry, and for inner filter effect corrections throughout this manuscript, these
values were approximated as 1 cm, 0.40 cm, and 0.10 cm, respectively (Gauthier et
al., 1986). For the dithionite titration, these correction factors ranged from 1.4 – 2.6.
The mixture was equilibrated for a minimum of three minutes after each addition of
dithionite prior to measuring fluorescence and absorbance. As shown in Figure 3.1,
the addition of sodium dithionite resulted in large decreases in uranyl fluorescence
intensity and moderate increases in absorbance.

Possible result explanations

include (1) reduction to tetravalent uranium species, (2) static or dynamic quenching
of uranyl luminescence, or (3) a combination of both reduction and quenching.
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Figure 3.1
Uranyl fluorescence and absorbance spectral changes with increasing
concentrations of aqueous sodium dithionite. [U(VI)]0 = 7.4 x 10-3 M, pH = 1.8, and
λex = 316 nm.
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Uranyl reduction can be confirmed by observation of a dark colored
precipitate, or observation of the characteristic tetravalent uranium absorbance
spectrum (Kirishima et al., 2003; Kirishima et al., 2004). Additionally, the total loss
in uranyl fluorescence should follow the expected uranyl loss based on the reaction
stoichiometry shown in Equation 6. Neither precipitate nor tetravalent uranium
absorbance were observed.

At the uranyl and dithionite concentrations used,

complete reaction according to Equation 6 results in a maximum of 60% reduction of
uranyl, or approximately 0.003 g, therefore, direct observation of a tetravalent
uranium precipitate within the cuvette may not have been possible.
The formation of U(IV) nanoparticles commonly results from biological
reduction of U(VI) (Bargar et al., 2008; Wall and Krumholz, 2006; Suzuki et al.,
2002), and UO2 nanoparticle formation was also reported in an abiotic laboratory
scale experiment (O’Loughlin et al., 2003).

As such, it is possible that U(IV)

nanoparticles may have formed during the titration experiment presented here.
However, nanosized particles were not detected using DLS. Additionally, differences
in total uranium concentrations before and after ultracentrifugation and analysis by
ICP-MS were not observed. Soluble U(IV) species could have formed, but the lack of
tetravalent uranium absorbance at 650 nm indicates their absence and is consistent
with the expected low solubility of U(IV) even at pH ≈ 2 (Figures 2.1 and 2.2). The
reaction stoichiometry predicts, at the maximum dithionite concentration,
approximately 60% uranyl reduction. However, uranyl fluorescence was decreased
by greater than 95%, which is not consistent with reduction by dithionite.
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Quenching of the uranyl fluorescence by the dithionite ion or the dithionite
decomposition products is the second possible explanation for the results observed in
Figure 3.1.

Dynamic quenching due to collisions between fluorophores and

quenchers in solution results in the excited state transfer from the fluorophore (i.e.
uranyl) to the quencher, and is described by the Stern-Volmer equation:

F0
F

=

τ0
τ

= 1+kq τ0 Q = 1+KD [Q]

(8)

where F0 is the initial fluorescence at 509 nm, F is the fluorescence in the presence
of quencher, Q is the quencher concentration, kq is the bimolecular quenching
constant, τ0 is the fluorophore lifetime absent of quencher, τ is the fluorophore
lifetime in the presence of quencher, and KD is the Stern-Volmer quenching constant
(Lakowicz, 2006). Static quenching, or the formation of a nonemissive ground state
complex between the fluorophore and quencher, is described by:

F0
F

= 1+KS [Q]

(9)

where KS is the equilibrium constant of the complex formation (Lakowicz, 2006).
Using these relationships, it is sometimes possible to determine if and what type of
quenching is occurring.
The plot of F0/F versus dithionite (Q) concentration, i.e. a Stern-Volmer plot,
is shown in Figure 3.2. It should be noted that F0 and F are dilution and inner filter
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corrected fluorescence intensities.

The plot is nearly linear with a coefficient of

determination equal to 0.986, intercept of 1.97 ± 0.84, and slope of 4,770 ± 287 L/mol.
Because uranyl lifetime measurements (at this pH) had high uncertainties due to
the instrumental setup available as shown in Figure 3.3, the lifetime for the free
uranyl ion reported in the literature of 0.9 ± 0.3 µs (Meinrath, 1997) was used for
quenching calculations. Assuming dynamic quenching and using the uranyl lifetime
in the absence of quenchers, the bimolecular quenching constant, kq, was calculated
from the slope (KD) of the fitted line by:

k q τ 0 = KD

(10)

The resulting value of kq is 5.30 x 109 L/mols.

Because dynamic quenching is

limited by diffusion, the upper value for kq is 1 x 1010 L/mols, which is the expected
bimolecular quenching constant for O2 in aqueous systems (Lakowicz, 2006;
Gauthier et al., 1986).

Due to slower diffusion kinetics, larger molecules are

expected to have smaller values of kq; therefore, the value calculated for the
bimolecular quenching constant of this system is consistent with the occurrence of
dynamic quenching.
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Figure 3.2
Stern-Volmer plot for dithionite quenching of uranyl fluorescence. λex
and λem were 316 and 509 nm, respectively. The slope is 4,770 ± 287 L/mol, the
intercept is 1.97 ± 0.84, and the R2 is 0.986.

However, dynamic quenching should result in decreased lifetimes with
increasing quencher concentrations, and despite the high uncertainties in the
lifetime measurements, increasing concentrations of dithionite did not appear to
decrease the uranyl lifetime (Figure 3.3). Additionally, dynamic quenching should
proceed without changes to the absorbance spectrum of the fluorophore (Lakowicz,
2006). Absorbance changes were observed for this system as shown in Figure 3.1,
and these changes could not be attributed solely to the addition of dithionite nor
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from any of the decomposition products (Amonette et al., 1994). For reference, the
absorbance spectrum of dithionite in water is shown in Figure 3.4.
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Figure 3.3
Change in phosphorescence lifetimes with increasing concentrations of
dithionite at pH 2 in the presence of O2. The dashed black line represents the
reported literature value for the free uranyl ion (0.9 µs), and the dotted red lines
represent the reported associated error (± 0.3 µs) (Meinrath, 1997).

Assuming static quenching, the equilibrium constant due to singular complex
formation, KS, is 4,770 ± 287 L/mol, with a log KS value equal to 3.68. This value is
remarkably close to the stability constants for several uranyl sulfate complexes,
particularly, UO2(SO4) (aq) and UO2(SO4)22– with log K values of 3.150 ± 0.020 and
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4.140 ± 0.070, respectively (Guillaumont et al., 2003), and because sulfate is one of
the resulting dithionite decomposition products (Holman and Bennett, 1994; Kovács
and Rábai, 2002; Amonette et al., 1994), it is reasonable to assume the formation of
a uranyl sulfate complex.
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Figure 3.4

Absorbance spectrum of 4.37 x 10-4 M sodium dithionite in water.
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Figure 3.5
Uranyl fluorescence and absorbance spectral changes with increasing
concentrations of aqueous potassium sulfate. [U(VI)]0 = 4.86 x 10-3 M, pH = 1.5, and
λex = 316 nm.
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To determine whether sulfate was the ionic component responsible for the
decrease in uranyl fluorescence, a similar titration experiment was conducted with a
4.86 x 10-3 M uranyl solution at pH ≈ 1.5 using 6.24 x 10-3 M K2SO4. The inner filter
corrected fluorescence spectra and absorbance spectra are shown in Figure 3.5. The
increase in uranyl fluorescence and absorbance shown in Figure 3.3 indicate that
sulfate was not responsible for the quenching observed in Figure 3.1. However,
additional dithionite decomposition products include sulfite (Holman and Bennett,
1994; Kovács and Rábai, 2002; Amonette et al., 1994), which forms at least one
known complex with uranyl, UO2SO3 (Guillaumont et al., 2003). The calculated log
KS, 3.68, does not agree well with the reported UO2SO3 stability constant, log K, of
6.6 (Guillaumont et al., 2003).
Although the above analysis seems to indicate that quenching is responsible
for the observed decrease in uranyl fluorescence with increasing dithionite
concentrations, U(VI) reduction cannot be completely ignored.

Equilibrium

modeling using Visual MINTEQ and equilibrium constants from Guillaumont et al.
(2003) predicted that at the maximum dithionite concentration (4.62 x 10-3 M),
approximately 50% of the U(VI) could be reduced and precipitated. Assuming that
dithionite completely decomposed into sulfite prior to the start of the titration,
equilibrium modeling also predicted that 4.62 x 10-3 M sulfite could reduce and
precipitate ~ 50% of the U(VI). If reduction occurred during the dithionite titration,
it is unclear why U(IV) species were not detected. However, a combination of both
U(VI) reduction and uranyl quenching may better explain the >95% fluorescence
decrease observed upon addition of sodium dithionite. Additional work is required
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to adequately describe the reaction between uranyl, dithionite, and dithionite
decomposition products.

3.3.2

Direct Phosphorescence L-Ascorbic Acid Titration

The reaction between uranyl and L-ascorbic acid was monitored using
time-resolved phosphorescence and UV-Vis absorbance spectroscopy. A 4.86 x 10-3
M uranyl solution at pH ≈ 1.5 was titrated with 6.50 x 10-2 M L-ascorbic acid, and
the dilution (up to a factor of 1.06) and inner filter corrected results are shown in
Figure 3.6. Similar results to the dithionite system discussed in the previous section
were obtained, i.e., increasing concentrations of L-ascorbic acid resulted in decreased
uranyl phosphorescence and increased absorbance. Neither precipitate, absorbance
due to dissolved U(IV) species, nor nanoparticle formation were observed.
Using a similar quenching analysis as above, the Stern-Volmer plot shown in
Figure 3.7, yields a coefficient of determination of 0.997, intercept of 1.20 ± 0.26, and
slope of 3410 ± 114 L/mol. The assumption of dynamic quenching again results in a
reasonable kq of 3.79 x 109 L/mols. However, changes in the absorbance spectra are
not attributable to the addition of absorbance from L-ascorbic acid (Figure 3.8), so
static quenching must also be considered. The log KS value calculated from the slope
of the Stern-Volmer plot is 3.53. This is in excellent agreement with the reported log
K value of 3.5 for the complex UO2H-Ascorbate+ (Khan and Martell, 1969).
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Figure 3.6
Uranyl phosphorescence and absorbance spectral changes with
increasing concentrations of aqueous L-ascorbic acid. [U(VI)]0 = 4.86 x 10-3 M,
pH = 1.5, and λex = 300 nm.
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Stern-Volmer plot for L-ascorbic acid quenching of uranyl
fluorescence. λex and λem were 300 and 509 nm, respectively. The slope is 3410 ± 114
L/mol, the intercept is 1.20 ± 0.26, and the R2 is 0.997.

42

1.0

Normalized Absorbance

0.8

0.6

0.4

0.2

0.0
200

250

300

350

400

450

500

550

Wavlength (nm)

Figure 3.8
water.

Normalized absorbance spectrum of 1.3 x 10-4 M L-ascorbic acid in

Despite the above agreement between the calculated KS value and the
equilibrium constant of the UO2H-Ascorbate+ complex reported in the literature, the
decrease in uranyl phosphorescence cannot be attributed solely to static quenching
and complex formation. L-ascorbic acid was only present at a maximum of 75% of
the uranyl concentration; however, uranyl phosphorescence was decreased by more
than 90% which is inconsistent with the formation of a 1:1 uranyl ascorbate
complex. Visual MINTEQ equilibrium modeling of the titration system predicted
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~ 50% U(VI) reduction to U(IV). Again, even though U(IV) was not detected, it is
possible that some U(VI) reduction occurred in the L-ascorbic acid titration, and that
both reduction and quenching are responsible for the observed decreases in uranyl
phosphorescence with increasing concentrations of L-ascorbic acid.

3.3.3

Other Laboratory Observations

Although dithionite did not reduce uranium under the conditions described in
Section 3.3.1, it has demonstrated some success as a uranium reductant in the
laboratory. When solid sodium dithionite powder was mixed with a 4.86 x 10-2 M
uranyl solution at pH ≈ 0.5, a dark brown precipitate was observed immediately.
The absorbance spectrum of the resulting solution also demonstrated the
characteristic peaks for dissolved tetravalent uranium species as shown in
Figure 3.9. These reaction conditions were not investigated further. However, it is
likely that direct mixture of the dithionite powder with the uranyl solution allowed
direct interaction between the two ions prior to decomposition of dithionite.
Aqueous dithionite solutions were used for the titration in Section 3.3.1, and based
on the change in the absorption spectrum of a 4.37 x 10-4 M dithionite solution over
50 minutes as shown in Figure 3.10, it is probable that little dithionite remained in
solution during the titration.
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Figure 3.9
Absorbance spectrum of U(IV) resulting from reaction with solid
sodium dithionite powder.
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Additionally, L-ascorbic acid, as shown in Figure 3.11, partially reduced a
10-2 M uranyl solution in 10% H3PO4 / 0.72 M H2SO4 after only a few hours.
However, characteristic U(IV) peaks were not observed over the course of the
titration in Section 3.3.2. This indicates that reduction of uranyl by L-ascorbic acid
may be limited in application.

0.20
before L-ascorbic acid
after L-ascorbic acid

Normalized Absorbance

0.15

0.10

0.05

0.00
350

400

450

500

550

600

650

700

750

Wavelength nm.

Figure 3.11 Normalized uranyl absorbance spectra before and after L-ascorbic acid
addition. For clarity, the y-axis is broken for enlargement of U(IV) absorbance.
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3.4

Conclusions

Given the desired objective to develop and investigate a dispersible reductant
usable over a broad range of contamination conditions, and from the results
discussed in the preceding sections, further experimentation with dithionite and
L-ascorbic acid was discontinued. However, as some uranyl reducing capacity was
demonstrated by both dithionite and L-ascorbic acid, and as there are no detailed
studies of the reactions between uranyl and these reductants available in the
literature, future work would be beneficial, especially noting that, although both
reductants may be impractical for field use, they might be quite practical for
industrial uranium reduction.
Final conclusions pertaining to treatment of uranium contamination through
reduction by dithionite and L-ascorbic acid are:
(1) the rapid aqueous decomposition of dithionite may have hindered uranyl
reduction and indicates that field application via injection into the subsurface
is impractical;
(2) the in situ subsurface mixing of solid dithionite powder is also impractical;
(3) uranyl complex formation with L-ascorbic acid may hinder reduction.
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4

INTERACTION OF URANYL WITH SUPPORTED
NANOSIZED ZERO-VALENT IRON

4.1

Introduction

Zero-valent iron (ZVI) has been used for the successful reduction of
chlorinated hydrocarbons (Matheson and Tratnyek, 1994; Cwiertny and Roberts,
2005; Kim and Carraway, 2000; Johnson et al., 1996), and several heavy metals
(Powell et al., 1995; Cantrell et al., 1995; Liu et al., 2008; Puls et al., 1999).
Contaminant remediation with ZVI often uses in situ permeable reactive barrier
(PRB) technology. However, mineral precipitation and iron corrosion within the
barrier may limit iron reactivity and hydraulic conductivity thereby shortening the
effective lifespan of the barrier (Phillips et al., 2000; Song, 2003).
The use of nanosized zero-valent iron (nZVI) for in situ remediation offers
several advantages over larger ZVI materials including (1) greater reactivity
resulting primarily from higher surface areas, (2) the ability for direct subsurface
injection, and (3) the ability to migrate through groundwater, soils, and sediments
(Zhang, 2003; Glazier et al., 2003). For this reason, a number of researchers have
investigated the used of nZVI for remediation of chlorinated hydrocarbon and heavy
metal contamination (Choe et al., 2001; Song, 2003; Song and Carraway, 2005; 2006;
Ponder et al., 2001; 2000; Qian et al., 2008; Choe et al., 2001; Zhang, 2010).
Additionally, a few have reported on the reaction of nZVI with hexavalent uranium
(Riba et al., 2008; Dickinson and Scott, 2010; Yan et al., 2010).
Despite the above benefits, nZVI is also prone to aggregation (Ponder et al.,
2001; 2000; Sunkara et al., 2010; Xiao et al., 2009), corrosion related surface

passivation, and rapid oxidation upon exposure to air (Ponder et al., 2001; 2000). In
an effort to remedy these problems, many researchers have investigated the use of
bi-metallic nanosized iron particles (Wang and Zhang, 1997), nZVI supported on
organic resins (Ponder et al., 2001; 2000) and organic fibers (Xiao et al., 2009), and
entrapment within organic beads (Liu et al., 2010; Bezbaruah et al., 2009; Zhang,
2010).

However, to date, there is no known available research describing

entrapment of nZVI within silicate matrices.
There are several potential benefits of nZVI encapsulation within silicate
matrices, including (1) possibly greater nZVI stability, both in air and in aqueous
systems, (2) the ability to encapsulate additional materials alongside the nZVI,
possibly including metalloporphyrin catalysts, thereby forming a novel treatment
technology, and (3) enhanced contaminant immobilization within the silicate matrix.
The reaction of uranyl with nZVI should proceed via the thermodynamically
favorable reaction (E°net = 0.713):

UO22+ + Fe0 (s) + 4H+ = U4+ + Fe2+ + 2H2O

(11)

Therefore, the goal of this work was to successfully entrap nZVI within a silicate
matrix using the sol-gel process, which is termed “supported nZVI” throughout this
manuscript, and to investigate the ability of the material to reduce hexavalent
uranium as compared to free nZVI at low pH. Due to numerous difficulties with
uranium analytical techniques, the ability of the supported nZVI to reduce
hexavalent chromium was also investigated.

50

4.2

4.2.1

Materials and Methods

Materials

Ammonium fluoride, 99.4% (J. T. Baker, LN B22586), denatured ethanol,
ACS grade (BDH, LN 050609B), depleted uranium trioxide (International BioAnalytical Industries, Inc., LN 15908), diphenylcarbazide (Alfa Aesar), iron(II)
perchlorate hydrate, reagent grade (Alfa Aesar, LN L15T017), nitric acid, 67-70%
(BDH, LN 1110020), perchloric acid, 70% (EMD, LN 48091), phosphoric acid, 85.6%
(J. T. Baker, LN E41815 & LN H32803), potassium chromate (Alfa Aesar), sodium
hydroxide, ≥98% (Sigma, BN 075K00321), sodium perchlorate monohydrate, ≥ 99%
(EM Science, LN 41072113), sulfuric acid (J. T. Baker, LN N08036) and (Fisher, LN
3106040), and tetraethyl orthosilicate, TEOS, 98% (ACROS Organics, LN
A0260303), were used as received. Distilled deionized (DDI) water with resistivity >
16 MΩcm was obtained from a Millipore MilliQ water filtration system.

4.2.2

Instrumentation

A Photon Technology International (PTI) spectrofluorometer equipped with a
75W xenon arc lamp and Hamamatsu R1257 photomultiplier tube (PMT) was used
for all steady-state fluorescence measurements. Absorbance spectra were collected
using a Shimadzu UV-2501PC spectrophotometer over a wavelength range of 190 –
800 nm in 0.5 nm steps with monochromator slits set at 2 nm.

Unless noted

otherwise, MilliQ water was used as the absorbance reference. A Thermo Scientific
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X2 Series ICP-MS, and Perkin Elmer Optima 3000 inductively-coupled plasma
optical emission spectrometer (ICP-OES) were used for elemental analysis.

4.2.3

Analytical Techniques

Reaction solutions were analyzed for U(VI) by mixing 200 µL sample aliquots
with 3 mL of 10% v/v H3PO4, and aquiring steady-state fluorescence spectra. Mixing
with H3PO4 results in uranyl complexation and increased fluorescence intensities.
Adapted from Kaminski et al., 1981, and similar to the technique employed by the
Chemchek KPA-11 (Brina and Miller, 1992; Brina and Miller, 1993), this method is
referred to as the “Kaminski method” throughout this manuscript. Samples were
commonly held for up to one week prior to analysis.

Excitation and emission

monochromator entrance and exit slits were set at 4 nm, λex was 273 nm, and the
fluorescence spectra were collected over the range 482 – 529 nm in 0.5 nm steps with
1 second integration.

Hexavalent uranium concentrations were calculated using

standard calibration curves and the maximum fluorescence intensity at 514.5 nm.
Hexavalent chromium was measured using the standard colorimetric
technique with diphenylcarbazide (DPC). Briefly, 500 µL Cr sample aliquots were
mixed with 4 mL MilliQ H2O, 50 µL of 5.96 g/L DPC in acetone, and 1-2 drops of
10% H3PO4 / H2SO4 to acidify the mixture (pH 2). The absorbance of the resulting
mixture was measured at 542 nm after a minimum rest of 10 minutes to allow full
complex formation and color development.
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4.2.4

Nanosized Zero-Valent Iron Synthesis

Nanosized ZVI was synthesized by sodium borohydride reduction of ferric
chloride using the method adopted by Song and Carraway, 2005 . Briefly, NaBH4
was delivered via peristaltic pump to a magnetically stirred ferric chloride solution
under N2 atmosphere. The resulting nZVI suspension was acidified (pH 4), then the
nZVI precipiatate was filtered, washed with O2 free DDI water and acetone, and
dried at 105 °C under N2 atmosphere. The resulting surface area was 24 – 43 m2/g
determined from N2 BET with a Micrometrics ASAP 2010. For complete synthesis
details, see Zhang, 2010.

4.2.5

Supported Nanosized Zero-Valent Iron Synthesis

The sol-gel process was used for preparation of the supported nZVI. Within
the anaerobic chamber (~5% H2 / 95% N2, Coy Laboratories), 14 g of TEOS, 12 g of
denatured ethanol, and 0.1 g of nZVI (or zero nZVI for the blank) was mixed in a 50
mL polypropylene centrifuge tube.

Centrifuge tubes were tightly capped and

transferred to an ultrasonic water bath for approximately five minutes to aid in
suspension of nZVI within the alkoxide / ethanol mixture. After sonication, the
tubes were transferred back to the anaerobic chamber for addition of 12 g of 0.2 M
NH4F in water.

After addition of NH4F, the tubes were quickly capped and

vigorously shaken until gelation (< 2 mins), which resulted in stiff semi-opaque gels.
Shortly after gelation, the wet gels were transferred to Virtis lyophilization
flasks within the anaerobic chamber, which were then placed in a -80 °C freezer for
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~ 8 hours. Frozen gels were then transferred to a Virtis lyophilizer at < 200 mTorr.
After ~35 hours, the freeze dried gels, or cryogels, were removed and returned to the
anaerobic chamber, where they were gently crushed using a mortar and pestle,
sieved through a 100 mesh (150 µm) screen, and stored in glass vials with PTFE
lined septa.
Ammonium fluoride was used to catalyze the hydrolysis and condensation of
the alkoxide precursor because NH4F catalyzed gels have demonstrated (1) high
surface areas (Nadargi et al., 2009; Tilgner et al., 1995), and (2) increased
hydrophobicity (Nadargi et al., 2009) which could serve to increase reactivity, and
decreased absorption of atmospheric water, effectively prolonging the shelf-life of the
cryogel, respectively. Additionally, because NH4F serves to rapidly catalyze the solgel process under slightly basic conditions, corrosion of nZVI during synthesis is
minimal, and indeed, no visual evidence of nZVI corrosion (rusting to produce
orange-colored oxides) was observed.

4.2.6

Kinetic Experiments

Initial kinetics experiments (see Section 4.3.2.1) with hexavalent uranium
were conducted in 5 mL glass vials with resealing silicone PTFE lined septa. Vials
were prepared and sealed in the anaerobic chamber with 0.01 g of nZVI, blank
cryogel, or supported nZVI. Additionally, empty vials were also sealed within the
anaerobic chamber to serve as control reactors. Once removed from the anaerobic
chamber, the vials were purged with N2 using a double needle apparatus for a
minimum of two minutes each. Initial uranyl reactions solutions were prepared
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with U(VI) at 10-5 M (10-6 M for pH 6), and 0.1 M NaClO4. Perchloric acid and
sodium hydroxide were used to adjust the pH. For each set of reactions, ~100 mL of
the U(VI) reaction solution was deoxygenated using hydrated N2 and a glass frit in a
125 mL glass bottle. Bottles were sealed after ~20-30 minutes of sparging using
silicone/PTFE lined septa.
To complete the experiments, 3 mL of the O2 free U(VI) reaction solutions
were separately transferred to individual reactors using a Hamilton gas tight
syringe. Reactor vials were rotated at 18 rpm and sacrificially sampled at various
time intervals by withdrawing ~2 mL of the reaction solution and filtering through
0.2 µm PTFE syringe filters. The filtrate was analyzed using the Kaminski method.
Larger volume reactors were prepared for additional U(VI) kinetic
experiments and Cr(VI) experiments using 125 mL glass bottles.

These U(VI)

reactors were prepared as for the U(VI) reaction solutions above, including sparging
with hydrated N2 and sealing using silicone/PTFE lined septa. Cr(VI) reactors were
prepared with initial Cr(VI) concentrations of 10-4 M and 0.1 M NaClO4, with pH
adjustment using HClO4 and NaOH. Nanosized ZVI and supported nZVI slurries
were prepared in ethanol at a concentration of 0.1 g/mL.

The nZVI slurry was

sonicated briefly to enhance suspension within the ethanol.

Different slurry

volumes were injected using a gas tight syringe to give reported solid loadings.
These U(VI) reactors were sampled at various time intervals by withdrawing 1 mL
from the reactor, filtering using 0.2 µm PTFE syringe filters, and diluting 400 µL of
the filtrate to 10 mL with 2% HNO3 for analysis by ICP-OES. Cr(VI) reactors were
sampled similarly and analyzed using the colorimetric technique described above.
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4.3

4.3.1

Results and Discussion

Characterization of Supported Nanosized Zero-Valent Iron

Nanosized ZVI was successfully incorporated into a silicate cryogel as
described above. The resulting powder was grey in color from the combination of the
normally black and white appearances of the nZVI and the cryogel, respectively.
BET surface area of the material was 300.14 ± 0.95 m2/g. Total iron concentration
within the supported nZVI determined from dissolution of three samples of the
material in 5 M NaOH and measurement via ICP-AES was 0.0151 ± 0.0007 g Fe/g
cryogel. Transmission electron micrographs revealed microstructural characteristics
of the material as shown in Figure 4.1A, and is consistent with similar materials
reported in the literature (Nadargi et al., 2009). Additionally, a blank cryogel was
prepared without nZVI in order to distinguish the relative importance of uranyl
sorption to the material. The blank cryogel had a BET surface area of 214.25 ± 0.73
m2/g, and a somewhat more open microstructure (Figure 4.1B) than the supported
nZVI. Although not shown for the blank cryogel, both materials contained areas
with large spherical structures as shown for the supported nZVI in Figure 4.1A.
Some non-homogeneity in the microstructure of fluoride catalyzed xerogels was
reported in the literature (Tilgner et al., 1995), and based on the expected hydrolysis
and polymerization mechanism described for fluoride catalyzed gels by Pope and
Mackenzie, these spherical objects are likely silicate colloids that formed during the
sol-gel process (Pope and Mackenzie, 1986).
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A

B

Figure 4.1
Transmission electron micrographs of supported nZVI (A), and the
blank cryogel (B). Images were obtained at the Clemson University EM Center from
resin embedded and microtomed cryogel samples.

4.3.2

Interaction of U(VI) with Nanosized ZVI and Supported Nanosized ZVI

4.3.2.1

Initial Kinetic Experiments

Using the Kaminski method, initial experiments investigating the interaction
of uranyl with nZVI and supported nZVI were promising as shown in Figures 4.2
and 4.3.

These results demonstrated very fast kinetics, with U(VI) removal

complete within five minutes regardless of pH. However, the U(VI) removal shown
in Figures 4.2 and 4.3 did not demonstrate pseudo-first order kinetics, which is
inconsistent with the literature (Chang, 2005; Song and Carraway, 2005). Also,
reactions rates with ZVI usually decrease with increasing pH, resulting from rapid
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corrosion and regeneration of the iron surface at low pH, and precipitation of iron
hydroxides at high pH (Matheson and Tratnyek, 1994). Decreasing U(VI) reduction
rates by nZVI with increasing pH was observed by Yan et al. (2010) for U(VI)
reactions over the pH range 6.92 – 9.03; however, this trend was not observed in this
work as shown in Figures 4.2 and 4.3. Additionally, Figure 4.4 illustrates that the
reaction rate with uranyl at pH 2 was unaffected by decreasing the nZVI loading
from 3.3 to 0.33 g/L, which is also inconsistent with zero-valent iron reactions
reported in the literature (Cwiertny and Roberts, 2005; Song and Carraway, 2005).
Possible explanations for these data are (1) that the uranyl reaction with nZVI is
indeed very rapid under the experimental conditions, (2) that the delay between
sample acquisition and sample measurement may have impacted results, or (3) that
the Kaminski method is flawed and the measured uranyl concentrations were
incorrect.
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Figure 4.2
Hexavalent uranium reactions with nZVI, supported nZVI, and the
blank cryogel at pH 2 with U(VI) concentrations determined by the Kaminski
method. [U(VI)]0 = 10-5 M, I = 0.1 M NaClO4, and solid loading = 3.3 g/L.
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Figure 4.3
Hexavalent uranium reactions with nZVI, supported nZVI, and the
blank cryogel at pH 6 with U(VI) concentrations determined by the Kaminski
method. [U(VI)]0 = 10-6 M, I = 0.1 M NaClO4, and solid loading = 3.3 g/L.
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Figure 4.4
Effect of nZVI loading on hexavalent uranium removal rate with U(VI)
concentration measured by the Kaminski method. [U(VI)]0 = 10-5 M, I = 0.1 M
NaClO4, and pH = 2.

The reduction of U(VI) by ferrous iron in phosphoric acid reported by Baes,
1956 suggested that uranyl reduction may occur in the 10% H3PO4 solution used for
the Kaminski method as a result of the presence of Fe(II) from the corrosion of nZVI.
To examine this possibility, the absorption spectrum of a 10-2 M uranyl solution in
10% H3PO4 with 0.72 M H2SO4 was acquired before and after the addition of 0.37 M
Fe2(ClO4)2. After approximately two hours, absorbance from U(IV) was apparent,
and after 24 hours U(IV) absorbance was even greater as shown in Figure 4.5.
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However, because the appearance of tetravalent uranium was not rapid, and
because uranium concentrations from several of the initial reactions were analyzed
less than 24 hours after reactor sampling, this result did not fully explain the
anomalous kinetic data observed previously. Additionally, as shown in Figure 4.6,
repeating some of the kinetic experiments, with analysis within a few minutes of
reactor sampling, showed the same rapid kinetics.
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Figure 4.5

U(VI) reduction by ferrous iron in 10% H3PO4 / 0.72 M H2SO4.
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Figure 4.6
Change in uranyl fluorescence after reaction with nZVI at pH 6.
U(VI) concentrations were measured by the Kaminski method within a few minutes
of collection.

Flaws with the Kaminski method could include, (1) quenching from various
reaction products, (2) instability of the uranyl phosphate complexes responsible for
increased fluorescence, or (3) delayed formation of these complexes. Initial work
investigating the fluorescence capabilities of the instrumental setup available
demonstrated that increased uranyl fluorescence after mixing with 10% H3PO4 was
immediate as shown in Figure 4.7. Also, as the results from the kinetic experiments
did not vary depending on the time elapsed between reactor sampling and
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fluorescence measurements (Figure 4.6), it was determined that neither complex
instability nor delayed complex formation was responsible for the observed
decreases in uranyl fluorescence.
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Figure 4.7
Increase in U(VI) fluorescence intensity immediately after mixing
with 10% H3PO4.

Reports of matrix interferences using KPA and similar techniques are
available in the literature (Sowder et al., 1998; Brina and Miller, 1992; Brina and
Miller, 1993; Kaminski et al., 1981).

For the kinetic experiments discussed here,

such interferences could be the result of quenching from aqueous iron corrosion
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products, e.g. Fe(II) and Fe(III).

To determine the effects of Fe(II) on uranyl

luminescence, the phosphorescence spectrum of an O2 free 1 x 10-3 M uranyl solution
at pH ≈ 1.5 was collected before and after the addition of 50 µL of O2 free 0.33 M
Fe2(ClO4)2 as shown in Figure 4.8A.
phosphorescence was quenched.

Greater than 50% of the uranyl

Figure 4.8B illustrates that when using the

Kaminski method, uranyl phosphorescence was 100% quenched after the addition of
15 µL of 0.33 M Fe2(ClO4)2.

Uranyl fluorescence quenching by ferrous iron in

phosphoric acid was reported in the literature by Matsushima et al., 1974. Figure
4.9 illustrates the increasing concentrations of dissolved iron released during the
reaction of uranyl with the supported nZVI at pH ≈ 2. This confirms that at pH ≈ 2,
dissolved iron is present very early in the reaction and is therefore likely to affect
U(VI) analysis. Unfortunately, analogous data are not available for nZVI reactions
with uranyl, although it is expected that corrosion of bare nZVI will also result in
increased concentrations of aqueous iron at low pH.
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Figure 4.8
Uranyl phosphorescence quenching by ferrous iron in the absence (A),
and presence (B) of 10% H3PO4.
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Figure 4.9
Increasing concentrations of total aqueous Fe during reaction of
uranyl with supported nZVI at pH 2 as measured with ICP-OES. Duplicate
reactions are shown with [U(VI)]0 = 10-5 M, I = 0.1 M NaClO4, and solid loading
= 0.43 g/L.

While quenching by Fe(II) may explain the decreased uranyl fluorescence
observed after reaction with both nZVI and supported nZVI, iron is not present in
the blank cryogel and therefore cannot be present during analysis. Yet, an apparent
decrease in the concentration of U(VI) was observed after reaction with the blank
cryogel at pH 2 as shown in Figure 4.2.

Two possible causes of the apparent

concentration decrease include (1) sorption of uranyl to the surface of the cryogel,
or (2) additional fluorescence quenching during analysis. Uranyl sorption to the
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cryogel should be similar to uranyl sorption onto silica, and therefore, significant
sorption to the cryogel is not expected at pH ≈ 2 (Guo et al., 2009; Langmuir, 1997;
Pathak and Choppin, 2007b; 2007a; Hongxia and Zuyi, 2002).
The cryogels were synthesized using NH4F as a catalyst, and to limit iron
oxidation, the cryogels were not washed prior to use. Fluoride is a well known
quencher (Lakowicz, 2006; Matsushima et al., 1974), and uranyl fluoride complexes
form readily (Silva and Nitsche, 1995; Lieser, 1995; Guillaumont et al., 2003).
Samples of both the blank cryogel and supported nZVI were reacted for 30 minutes
with 3 mL of a 0.1 M NaClO4 pH ≈ 2 solution and analyzed for fluoride content by
ion exchange chromatography (IC). The fluoride concentrations leached from the
blank cryogel and supported nZVI were 1 x 10-3 M and 5.8 x 10-4 M, respectively.
Uranyl fluorescence quenching by fluoride in phosphoric acid was also reported by
(Matsushima et al., 1974), and while not tested directly, it is likely that uranyl
fluorescence was partially quenched by the presence of fluoride in the reactions with
supported nZVI and the blank cryogel. Also, Matsushima et al. (1974) report a
higher Stern-Volmer quenching constant for Fe(II) than fluoride. This agrees with
the observation of greater apparent U(VI) concentration decreases for reaction
systems with supported nZVI than for the blank cryogel as illustrated in Figures 4.2
and 4.3. Kinetic experiments at pH 6 (Figure 4.3) were expected to suffer similar
analytical problems.
Based on the above experimental results and supporting literature, it was
determined that uranyl fluorescence measured using the Kaminski method was
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subject to quenching from both ferrous iron and fluoride, and was therefore not
suitable for further analytical use.

4.3.2.2

Kinetic Experiments with Analysis by ICP-OES

Further attempts to demonstrate uranyl reduction by supported nZVI using
ICP-OES to avoid quenching interferences, were only moderately successful. Two
different loadings of 0.43 and 0.086 g/L were investigated by repeated sampling of
duplicate reactors after injection with a supported nZVI / ethanol slurry.

The

results from ICP-OES analysis are shown in Figure 4.10. A slight decrease in total
uranium concentration is evident from the reactors at lower supported nZVI
loadings. Because of the expected low sorption affinity to silica at this pH, uranium
removal is attributed to U(VI) reduction to U(IV).
Interestingly, a lack of uranium removal was observed with a five-fold
increase in supported nZVI loading.

This behavior is inconsistent with that

expected for reactions with zero-valent iron as discussed previously. However, the
total fluoride concentration can be estimated from data given in the previous section
as 0.28 and 1.4 mg/L for the reactors with low and high loading, respectively.
Because the initial reaction parameters, including uranyl concentration, pH, ionic
strength, and volume were identical for both loadings, it is reasonable that the
fraction of uranyl fluoride complexes would be higher for the reaction at higher
supported nZVI loading.

Indeed, Visual MINTEQ modeling using equilibrium

constants from Guillaumont et al. (2003) suggests that at the specific reaction
conditions and a loading of 0.43 g/L of supported nZVI, uranyl fluoride complexes
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comprise approximately 21% of the total uranyl speciation. At a loading of 0.086
g/L, only approximately 5% of the uranyl is present as fluoride complexes.
Additionally, the formation of U(IV)-fluoride complexes was not expected to increase
uraninite solubility based on Visual MINTEQ equilibrium modeling. Further work is
needed to accurately identify the reaction mechanisms responsible for the data
presented in Figure 4.10.
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Figure 4.10 Effect of solid loading on the reaction of uranyl with supported nZVI
at pH 2. [U(VI)]0 = 10-5 M, and I = 0.1 M NaClO4.
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4.3.3

Interaction of Cr(VI) with nZVI and Supported nZVI

Because one of the primary objectives of this work was to demonstrate the
effectiveness of supported nZVI to reduce contaminants over pH ranges less
favorable for biological remediation, several experiments with hexavalent chromium
were completed.

Hexavalent chromium was reacted with 0.5 g/L of nZVI and

supported nZVI as shown in Figure 4.11. Reactions at pH ≈ 2 with both the nZVI
and the supported nZVI were faster than the analogous reactions at pH ≈ 4, which is
consistent with the literature (Chang, 2005; Song and Carraway, 2005).
Additionally, the reaction with both nZVI and supported nZVI at pH ≈ 4 followed
pseudo-first order kinetics as shown in Figure 4.12, with rate constants of 7.86 ±
0.36 hour–1 and 0.055 ± 0.008 hour–1, respectively. The slower rate constant for the
supported nZVI system was expected due to (1) the lower iron mass present
compared to free nZVI, and (2) nZVI incorporation into the cryogel matrix, which
may have resulted in reduced access and changes to the surficial iron reactive sites.
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Figure 4.11 Reduction of Cr(VI) by 0.5 g/L nZVI and 0.5 g/L supported nZVI at
pH 2 and pH 4. [Cr(VI)]0 = 10-4 M, I = 0.1 M NaClO4, and solid loading = 0.5 g/L.
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Figure 4.12 First order kinetic models for the reduction of Cr(VI) by nZVI and
supported nZVI (nZVI-cg) at pH 4. The pseudo-first order model gave good fits with
R2 values of 0.876 and 0.981 for the supported nZVI and nZVI systems, respectively.

The reaction with nZVI at pH ≈ 2 was very fast, and samples could not be taken
quickly enough to capture the kinetics. Furthermore, two separate fitting functions
were required to describe the reaction of supported nZVI with Cr(VI) at pH ≈ 2 as
shown in Figure 4.13. Because Cr(VI) exists in solution as the bichromate anion
(HCrO4–), significant sorption to silica at pH ≈ 2 is expected (Langmuir, 1997).
Therefore, the initial fast rate was attributed to sorption to the surface of the
cryogel, and the slow rate was attributed to Cr(VI) reduction.
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Some apparent

sorption was also observed for the pH ≈ 4 reaction with supported nZVI (Figures
4.11 and 4.12). However, because less sorption to the cryogel surface is expected at
pH 4 (Langmuir, 1997), and because the correlation coefficient of the first order fit
for the entire data set was good, separate fitting functions were not used.
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Figure 4.13 Kinetic modeling of the reaction between Cr(VI) and supported nZVI
at pH 2. Correlation coefficients were low as a result of the limited dataset.
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Surface area normalized rate constants (kSA) were calculated using,

k obs
SA

as ·ρm

(12)

where as and ρm are the nZVI surface area and the iron loading, respectively
(Cwiertny and Roberts, 2005). A comparison of Cr(VI) reduction rate constants is
given in Table 4.1. The kSA for Cr(VI) reduction by bare nZVI and resin supported
nZVI reported by Ponder et al. (2000) was calculated using their given values for
reductant loading (1 g/L), nZVI surface area (21.7 m2/g), and concentration of nZVI
on the resin (0.17 g Fe / g ). As shown in Table 4.1, the kSA for Cr(VI) reduction by
bare nZVI at pH 4 (this work) is greater than the kSA calculated from Ponder et al.
for Cr(VI) reduction under similar conditions.

This is likely due to the lack of

oxygen control in the reactions conducted by Ponder et al., and variability between
the nZVI synthesized for this work and that synthesized by Ponder et al.
The kSA for Cr(VI) reduction by supported nZVI at pH 4 agrees well with the

kSA for Cr(VI) reduction by resin supported nZVI (Ponder et al., 2000), indicating
similar Cr(VI) reduction capabilities for the two materials. Additionally, in this
work, kSA was on the same order for both nZVI and supported nZVI reactions at
pH 4, indicating that nZVI entrapment within the silicate matrix did not hinder
reduction of Cr(VI).
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Table 4.1
Summary of surface area normalized rate constants calculated for
Cr(VI) reduction by nZVI and supported nZVI.

Calculated from
Ponder et al. (2000)
nZVI

supported
nZVI

resin supported
nZVI

nZVI

kSA (L · m–2 · hr–1)

kSA (L · m–2 · hr–1)

pH 2
(kslow)

--

0.89

--

--

pH 4

0.48

0.22

0.054

0.27

4.4

Conclusions

Analysis of aqueous uranium concentrations is challenging.

The results

presented illustrate complications arising from quenching and complexation by
several aqueous species and their effects on heterogeneous interactions such as
sorption. These can result in erroneous data which may incorrectly indicate U(VI)
removal or reduction. While the supported nZVI did demonstrate some success in
U(VI) removal, further investigation is required to better understand the reaction,
complexation, and sorption processes involved. Reactions between nZVI, supported
nZVI and Cr(VI) at low pH demonstrated moderately fast kinetics and show promise
for remediation applications. Further work is necessary to describe the remediation
potential of the supported nZVI, including investigations at different reductant and
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contaminant loadings, at different ionic strengths and in the presence of
environmentally common inorganic and organic species as well as in the presence of
common co-contaminants, and to determine long-term remediation efficacy. This
work provides the first known description of nZVI supported within a silicate
matrix, and demonstrates that the supported nZVI is reactive for Cr(VI) reduction at
low pH.
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5

CONCLUSIONS

To prevent further environmental and human risks associated with
migrating uranium contamination, continued efforts dedicated to developing
successful remediation technologies are required. While numerous researchers have
investigated U(VI) abiotic reductive precipitation using microsized iron materials,
very little work is available on the capacity of nanosized zero-valent iron, dithionite,
and L-ascorbic acid to reduce hexavalent uranium.
For successful in situ uranium remediation, reductants need to be non-toxic,
cost effective, and dispersible via subsurface injection. Sodium dithionite and Lascorbic acid fit these needs, but because precipitation may be hindered due to
decomposition or complex formation, as shown for uranyl in this work, these two
reductants are not ideally suited for in situ remediation strategies. Nanosized ZVI
also meets these needs, but long-term efficacy may be limited due to rapid air
oxidation and agglomeration in the environment. Although untested in this work,
entrapment of nZVI within the silicate matrix of a cryogel may increase nZVI
stability and provide a convenient mechanism for simultaneous delivery of a
reductant and catalyst.
Ultimately, this work has demonstrated:
(1) reduction of U(VI) by dithionite and L-ascorbic acid at pH 2;
(2) possible formation of uranyl complexes with dithionite decomposition
products and L-ascorbic acid;
(3) successful entrapment of nZVI within a cryogel;
(4) reduction of Cr(VI) by supported nZVI.

The most promising product of this research was the development of the
supported nZVI.

However, additional work is required to understand the full

potential of this material including investigation of:
•

the stability of nZVI within the material when exposed to air;

•

the reusability of the supported nZVI;

•

the ability to trap reduced contaminants within the silicate matrix;

•

the effects of ionic strength, and the presence of various organic and
inorganic ligands on the ability of supported nZVI to reduce contaminants;

•

the ability of supported nZVI to migrate through the subsurface;

•

the long-term efficacy of supported nZVI to sequester reduced contaminants.
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